Introduction
The advent of nanotechnology is considered as one the greatest innovations since the beginning of industrial engineering (Som et al., 2010) . Nanotechnology is used in a rapidly increasing number of products available to industries and private consumers: electronics, cosmetic, nutrition, medical drug designing and other. The term engineered nanoparticles (ENPs) refers to a subset of nanomaterial which is a material with at least one external dimension in the size range from 1 and 100 nm (ISO, 2008) .
The increasing use of ENPs in consumer and industrial products has also increased the concerns on their adverse effect on human health and ecosystems (Alvarez et al., 2009; Klaine et al., 2012) , Therefore considerable effort has been made to assess the impacts of ENPs to humans and the environment. Among the several tools available, the European Commission encouraged life cycle-based methods to assess the sustainability of nanotechnology (UNEP, 2011) . Life cycle assessment (LCA) is regulated by the international standards ISO 14040 series (ISO, 2006 a,b) . LCA has been proposed and adopted as essential tool to analyse, evaluate, understand and manage the environmental and health effects of the ENMs (Hischier, 2014) . Despite all, the LCA studies often do not cover the complete life cycle of ENMs (Hischier and Walser, 2012; Gavankar et al. 2012; Miseljic and Olsen, 2014) . Hence, most of the studies are cradleto-gate and the environmental impacts primarily reflect the energy and material flows for the extraction of raw materials and manufacturing phases, whereas the environmental impacts related to the release of ENPs into the environment are rarely assessed. This is due to gaps in knowledge concerning both the release of ENPs (Life Cycle Inventory) and their potential effects on the environment and humans (Life Cycle Impact Assessment). The latter of these is expressed by the so-called eco/toxic characterisation factors (CFs) describing and quantifying the cause-effect chain of an emission of a substance to the environment. The development of freshwater-ecotoxicity CFs for ENPs is still in its infancy due to the scarce knowledge of the exposure and effects to aquatic organisms. More fate and transport models (F&T) to assess the concentration of ENPs in the environmental media are yet to emerge (Liu and Cohen, 2014; Gottschalk et al., 2010; Gottschalk et al., 2013) . It is evident that the lack of ecotoxicity CF of ENPs impedes the evaluation of ecotoxicological impacts caused by their emissions into the environment. As far, only two studies have calculated the freshwater-and seawater-ecotoxicity CF of ENPs: Eckelman et al., 2012 and Walser et al., 2012 calculated the CF for carbon nanotubes (CNT) and silver nanoparticles, respectively.
Many metal containing materials, particularly metal oxides, belong to the class of ENPs: zinc oxide (ZnO),titanium dioxide (TiO 2), cerium dioxide (CeO2), chromium dioxide (CrO2), molybdenum trioxide (MoO3), bismuth trioxide (Bi2O3) and binary oxides such as, lithium Cobalt dioxide (LiCoO2), indium tinoxide (InSnO) (Bhatt and Triphati, 2011) . The estimated worldwide production of nano-TiO2 is 3,000
tons/year for 2010 (Piccinno et al., 2012) . The environmental n-TiO2 realese into acquatic system can occour through wastewater treatment plant effluents, form exterior facades or accidents during transport (Gottshalck F, Scholz RW, Nowack B, 2010) This study proposes a method for calculating the freshwater-ecotoxicity characterization factors of metal oxide ENPs. In particular, nano-TiO2 ENPs have been chosen as representative substance based on their extensive application, the availability of data regarding their ecotoxicological effect and on their environmental behaviour.). Based on the USEtox TM model and on the multimedia fate models for organic chemicals, this paper develops an adjusted model which includes nanospecific descriptions to estimate the fate of nano-TiO2 in freshwater and thereby calculates a CF for freshwater ecotoxicity.
Materials and methods

Characterization model
Several characterization models are available for the ecotoxicity impact category and often the final results vary substantially amongst the models. It must be noted that the quantification of the ecotoxicity impacts is one of the most debatable items in LCA (Hischier and Walser, 2012) . The variability in model outcomes has been reduced thanks to the USEtox TM model, recently developed by an international collaboration of leading LCIA specialists (Rosenbaum et al., 2008) . The USEtox TM provides CFs for organic and inorganic substances for both human toxicity and aquatic freshwater ecotoxicity. However, it does not yet consider marine ecosystems or sediments (where sedimentation is considered a removal process). The International reference for Life Cycle Data System (ILCD) Handbook (JRC-IES, 2011) recommends using USEtox TM to model impacts related to ecotoxicity and human toxicity. Thus, in this study, the USEtox TM model has been selected as characterisation model and its framework has been applied to calculate the CF for n-TiO2.
Since it was developed for organic chemicals, the application of the USEtox TM to model ENPs has some inherent difficulties. As will be explained in section 2.5.2 ENPs show different environmental behaviours (and thus descriptors), relative to their bulk phases and other chemicals. Therefore, environmental fate modelling has to be adapted to ENP's specific fate processes and to the physicochemical properties governing them.
Characterization Factor calculation
The USEtox TM model estimates the CF of a substance for the impact category of freshwater ecotoxicity, as:
CF = EF·FF·XF
(1)
where EF (PAF m 3 kg -1 ) is the effect factor that represents the ecotoxicity of the substance and it is expressed in term Potentially Affected Fraction of species-PAF, FF (day) is the fate factor and expresses the residence time of a substance in a particular environmental compartment (such as freshwater ) and XF
[dimensionless] is the exposure factor. The development of each factor for nano-TiO2 is discussed below.
The CF for n-TiO2 was then calculated, with units describing the temporal and volumetrically integrated potentially affected fraction of aquatic organisms per unit mass of releasedn-TiO2 (PAF m 3 day kg −1 ).
The Effect Factor calculation
USEtox TM adopts a PAF (Potentially Affected Fraction of species) based approach to calculate the EF for aquatic ecotoxicity of a substance (Larsen at al., 2007(a,b) ; Rosenbaum et al., 2008) . The PAF is the fraction of species exposed to a concentration above their EC50 (Klepper et al.,1998) . The EF is defined as: = 0.5 50 50
( 2) where, HC50EC50 represents the concentration at which 50% of species is exposed above their chronic EC50 and 0.5 is the working point (PAF=0.5) on the PAF curve. At least three EC50 values from three different phyla are required to reflect the variability of the physiology and to ensure a minimum diversity of biological responses (Henderson et al., 2011) . USEtox TM suggests to calculate the HC50EC50 as the geometric mean of the available single species EC50for organisms representative of three trophic levels:
algae, crustaceans and fish. In this study, the EF of n-TiO2 was estimated from toxicity values reported in previous studies on freshwater organism representative of the three trophic levels recommended by the USEtox TM model (algae, crustaceans and fish).
As highlighted by the literature, the toxicity of n-TiO2 is influenced by: i) type of n-TiO2: crystalline structure, nominal size, content of impurities Navarro et al., 2008; Ji et al., 2011; Seitz et al., 2013; Seitz et al., 2014) ; ii) procedure followed to conduct the toxicity test, i.e. suspension preparation method with use of solvent, sonication, filtration, (Clement et al., 2013; Arouja et al., 2009 ; and iii) mode of exposure to organism i.e. the time of exposure, UV exposure (Zhu et al., 2010; Dabrunz et al., 2011; Seitz et al., 2013; Ma et al., 2012) . In order to increase the reliability of the estimated EF criteria have been applied to select the toxic value involved into the EF calculation.
The toxic values applied are reported in Tables S.1-S.3. The criteria are listed below and aim account for the main sources of variability i) Chemical tested: concerning crystalline structure, anatase form seems more toxic than rutile. Toxicity tests performed with nano-TiO2 composed mainly of anatase have been preferred to those conducted with nano-TiO2 composed mainly of rutile. Also, toxicity results are selected from toxicity studies that uses the same type of n-TiO2 (e.g. P 25).
ii)Toxicity tests: to avoid as much variation as possible of the toxicity of nano-TiO2 originating from different treatments, the EC50 values were extrapolated from toxicity tests in which similar treatments to nano-TiO2 were applied. Thus, toxicity tests where chemical solvents (e.g. THF) were applied or where test units were pre-irradiated by UV light, or where the organisms were exposed under simulation of solar radiation have been avoided. Indeed, several researchers have found that the use of solvents to produce water-soluble compounds may significantly influence their toxicity (Oberdorster et al., 2007; Zhu et al., 2009) . Toxic values higher than the highest concentration tested are not included into the toxic value dataset ( (USEtox user manual, 2014) , an acute-to-chronic ratio (ACR) of 2 is applied when chronic data were unavailable.
The Exposure Factor calculation
In USEtox TM the Exposure Factor, XFw [dimensionless], is the fraction of a chemical dissolved in freshwater (FR w,w) and it is calculated as:
Where Kp is the partitioning coefficient between water and suspended solid (L kg -1 ), SUSP is the suspended matter concentration in freshwater, Kdoc is the partitioning coefficient between dissolved organic carbon and water, DOC is the dissolved organic carbon concentration in freshwater, BCFfish is the bioconcentration factor in fish (L kg -1 ) and BIOmass is the concentration of biota in water. The eq.3 is applied for organic substances. In contrast to organic chemicals, evidence shows that the partitioning coefficients are not valid for ENPs due to the low solubility, low vapour pressure, high surface reactivity (Mackay, 2006; Praetorius et al., 2014) . So, in the present case study, the method proposed by USEtox TM for calculating the XF is not applicable. A precautionary approach of setting XF equal to 1 has been applied which does not weight the final results of the model based on the exposure of the organism to the TiO2 ENP.
The Fate Factor calculation 2.5.1 The USEtox™ and nested-multimedia models
USEtox™ adopts the principles of the nested-multimedia mass balance modelling, simulationg the behaviour of chemicals released from the technosphere to the environment as the net result of mass flows between a suite of well-mixed and homogeneous compartments (Henderson et al., 2011) . USEtox TM uses physicochemical properties of substances and of the environment as input parameters to model transport among different phases as well as loss rates. Losses can occur through adsorption to suspended solids and subsequent sedimentation (since toxicity in sediment has not yet been included), volatilization, degradation, and advection. From a mathematical point of view, the USEtox TM model is structured in a matrix framework composed of a series of matrices combining fate with exposure and effect (Rosenbaum et al., 2007) . The fate matrix ( ���� ) links the quantity released into the environment to the chemical mass (or concentration) occurred in a given compartment. The fate matrix is defined as ( ������ ) equals the negative inverse of the transfer rate coefficient matrix, ( � ). The size of the fate matrix is determined by the number of environmental compartments (nm) and the number of source compartments (ni). Since every destination compartment can also be a source compartment (nm= ni) and it can also be written as (ni×ni). The elements of � are the inverse of the residence time of the substance, having units of 1/day. The off-diagonal elements (ki,j), reflect intermedia or advective transport from environmental compartment i to j (i.e. air, water, soil), while the diagonal elements (-ki,tot) represent the negative of the total removal rate coefficient for compartment i including biotic/abiotic degradation, advective and intermedia removal (for further details see Rosenbaum et al.,2008) .
Application problem of nested-multimedia model to ENPs
Nested-multimedia fate models have been used to simulate the transport and transformation of organic chemicals through a range of different environmental media (e.g. air, water, soil) for 30 years (MacLeod et al., 2010) . The environmental fate modelling of organic compounds accounts physicochemical properties of substances as vapour pressure, solubility and partitioning values. Due to the particular chemical and physical properties of ENPs (low solubility, low vapour pressure, size, structure, high surface reactivity, catalytic, magnetic and optical properties), the classic approach and prior experience with organic chemicals may be irrelevant or not applicable to ENPs (Mackay et al., 2006; Praetorius et al., 2014) . As highlighted in previous works, the fate of ENPs dispersed in freshwater is comparable with those of the colloid Ardvisson et al., 2011) . In these cases, the colloidal science is applied to develop fate model specific for ENPs.
Definition of an adjusted nested-multimedia model for ENPs
From the basis of the USEtox™ and of the multimedia fate models for organic chemicals, an adjusted model has been developed which accounts for nano-specific descriptors and estimates the fate factor of nano-TiO2 in freshwater. The environmental fate processes con-sidered in this model are described in (Table S .4). The ENPs are likely to undergo i) transformation, ii) interaction with SPM and iii) transport (Praetorius et al., 2012) i) The transformation process can be described by dissolution and aggregation, where the aggregation process can either be homo-or heteroaggregation. Homoaggregation has not been accounted for in this case because particles are unlikely to be in high enough concentrations to interact with each other. However, heteroaggrgation is readily expected, where ENPs can be associated with ambient particles in the matrix. The understanding of dissolution process is of great importance for fate exposure assessment, however little is known about solubility and rates of dissolution of ENPs in water. Thus, modelling dissolution remains highly speculative (Quik et al., 2011) ; the dissolution of ENPs can be described as a surface controlled process where a first order dissolution rate constant kdiss reflects the local hydrodynamic condition near nanoparticle-water interface (Praetorius et al., 2012) . While a second order dissolution rate constant may better represent the most realistic scenario in the environment, in absence of adequate data for dissolution of particles generally, first order kinetics as a simplified approach to model dissolution of ENPs is considerable acceptable. As Quik et al. (2011) have previously described, this is an acceptable simplification where in water the rate was in the range of 0-10 -5 s -1 .
ii) SPM in freshwater has been reported as both continuous size distributions and a log-normal size distributions with a concentration that can vary depending on the specific body of water. The interaction of ENPs with SPM in water is described by the hetero-aggregation process and quantified by the heteroaggregation rate constant (khet-agg). Aggregation is dependent on the collision rate and the attachment efficiency of the particles. It has been shown that the attachment efficiency is largely affected by the ionic strength and natural organic matter (NOM) content of natural waters (Arvidsson et al. 2011; Keller et al. 2010 ). The k het-agg is calculated by multiplying the ENPs' collision rate, kcoll, by the attachment efficiency for hetero-aggregation α het-agg (Eq.S.1). The collision rate kcoll accounts for the main mechanisms leading to collision of the particles as brownian motion (perikinetic aggregation), fluid motion (orthokinetic aggregation) and differential settling. Not all collisions successfully produce aggregates; the fraction of successful collisions is called the attachment efficiency (α). The tendency of particles to aggregate is described within the colloidal science in the Derjagiun Landau Verwey Overbeek (DLVO) theory of colloidal stability. The DLVO theory describes the total interaction energy experienced by a particle when approaching another particle (in the case of aggregation) (Petosa et al., 2010) . According to the DLVO theory, attachment efficiency depend from the repulsive and attractive interaction energies between two colliding particle. Currently, the attachment efficiency has not been successfully predicted by DLVO theory. The repulsive forces between ENPs and natural colloids are not easy to determine with the DLVO theory and therefore the attachment efficiency is preferably obtained from experimental work (Meester et al., 2014) . However, to our knowledge, no measurements of the attachment efficiency for the heteroaggregation of ENPs and SPM currently exist in the literature. Therefore in our studies, two different values of α (1 and 0.001) were considered, in order to cover two different aggregation efficiency scenarios.
The rate constant of aggregation is a second order rate constant (m 3 s -1 ). Here, it is assumed as first order, therefore it is multiplied by the particle concentration CSPM (m -3 ) in water (Praetorius et al., 2012) .
iii) ENPs are affected by transport processes (i.e. advection and sedimentation) which predict mobility within and between the environmental compartment and the concentration in the water and sediment compartment. The sedimentation velocity (ms -1 ), or settling rate vsed,i (Eq S.3) is derived from Stokes' law for gravitational settling of particles. The sedimentation velocity is applied in Eq.S.7, so a first order rate constant for sedimentation ksed,i is calculated by dividing with the height of the freshwater compartment (m). Also, ENPs are affected by transport process with moving water by advection (kadv). In this study, the water outflow (adv,flow; m 3 s -1 ) from freshwater at the continental geographic scale to continental sea water has been accounted for and the rate constant of advection kadv(s -1 ) (Eq.S.2) as the ratio between the water outflow and the volume of the freshwater has been calculated. In addition to this, sediment resuspension (kresusp) (Eq. S.9), horizontal bed load transfer (ksed,transfer) (Eq.S.10) and burial in the deep sediment (kburial) (Eq.S.8) are taken into account.
The fate matrix
In this study a fate matrix of 2x2 has been developed, which describes the environmental compartment of freshwater (w) and sediment (sed):
The element on the diagonal (FFw,w) describes the residence time (day) in the respective compartment. In this study, looking for the calculation of a CF for the toxic impact of freshwater ecotoxicity, only the element FFw,w is of our interest since impacts in the sediment is not yet included in the USEtox TM . Indeed we aim to calculate the persistence of nano-TiO2 in the freshwater column "that can be seen as measure of the length of the exposure to which the aquatic organisms are exposed". As previously described ���� is calculated as the negative and the inverse of the rate coefficient matrix ( � ):
, = 1. .5) (4.1) kw,w and ksed,sed elements represent the total removal rate constant in the water column (calculated as the negative sum of the first-order rate constant, s -1 , for the processes of advection, hetero-aggregation, dissolution, sedimentation) and in sediment (as the negative sum of the rate constant, s -1 , burial, resuspension, bed load transfer), respectively.
And so, kw,w, is:
And ksed,sed is
kw,sed and ksed,ware the inter-media exchange between water and sediment and are described by the rate constant of sedimentation from freshwater to sediment and by the rate constant of resuspension from sediment to freshwater respectively (for further details about the model equations, see Supplementary material).
In this study, in order to calculate the FF the following assumptions are applied: i) a direct release of uncoated nano-TiO2 into freshwater compartments from wastewater was assumed; ii) in accordance with Praetorius et al. (2012) a size distribution of nano-TiO2 aggregated in freshwater was assumed and set to be log-normally distributed with the mode at 300 nm; the particles in distribution to 5 size classes were assigned, ( 2 = 1 … 5). The size class parameters are reported in Table S .5 (for more details see Pretorius et al., 2012) . Four scenario are analysed assuming the hereunder conditions: a SPM particle concentration of 3.7 10 10 m -3 and of 1.1·10 11 m -3 both with a density of 2 g cm -3 (Praetorius et al., 2012) and the attachment of efficiencyαhas been set to equal to 1 and to 0.001.
The FFw,wis calculated considering the size distribution of nano-TiO2( 2 = 1 … 5) in freshwater.
Indeed, for each one of the 5 size classes a FFw,w,i( 2 = 1 … 5)is calculated. Then, FFw,w, as the weighted average of FFw,w,i, is computed. toxic values for algae and only 2 toxic values for fish have been taken into account for the EF calculation.
Results
The Effect Factor
USEtox TM calculates the HC50EC50 as the geometric mean of the EC50 values on species level (GM-species level). Alternatively, first the EC50 for each trophic level is computed as the geometric mean of the values of all the species belonging to the trophic level; then, the HC50EC50 is computed as the geometric mean of the EC50 values of the trophic levels (GM-trophic level) (Larsen and Hauschild, 2007a,b) .The HC50EC50
values for nano-TiO2calculated on the basis of the two approaches are listed in Table 1 ;the HC50EC50chronic value obtained adopting GM species-level results in 12.8 mg L -1 whereas the value obtained through GM trophic-level is 17.8 mgL -1 . Larsen and Hauschild (2007b) indicated an approach based on the GM trophic-level as the best practice to calculate the HC50EC50.In our study, the approach based on the GM trophic-level is adopted, as it avoids the bias caused by the unequal distribution of toxic values among the three trophic levels, and an EF of 28.1(PAF m 3 kg −1 ) for n-TiO2 is proposed.
Finally, in order to examine the importance of applying criteria for selection of datasets from the literature survey (Tables S.1 (GM-trophic level) shows a little reduction (from 17.8 mg/L to 15.6mg/L) and consequently the EF undergoes a slight change (from 28.1 to 32.1PAF m 3 kg -1 ).
The Fate Factor in freshwater
The Table 2 shows the element of the fate factor matrix for the Scenario 1 (α=1, CSPM = 3.70·10 10 m -3 , ρ=2.0 g/cm 3 ) and for each of the 5 size class distribution of n-TiO2 in freshwater ( 2 , = 1. . .5). A low persistence of the particle in the freshwater column is observable ( Table 2 ). The FFw,w,i nano-TiO2 range from 10 -1 day (for radius equal to 8 nm) to 10 -3 day (for radius equal to 400 nm). In order to obtain a fate factor representative of size distribution of nano-TiO2 aggregated, a FFw,w calculated as the weighted average of FFw,w,i of all size classes is computed (Table 2.1). Table 3 . FFw,w(day) 5.3·10 -2 7.7·10 -2 3.2·10 -2 7.7·10 -2
Freshwater ecotoxicity Characterisation Factor for n-TiO2
The characterization factor for freshwater ecotoxicity is calculated as CFw= FFw,wx XFw x EFw. Where, an EFw for n-TiO2 of 28.1 (PAF m 3 kg −1 ) is proposed, an XF set equals to 1 is assumed. Here, a FFw,w which represents the average residence time of a size distribution of the nano-TiO2 aggregated in freshwater is applied. The FFw,w applied has the same order of magnitude among the four scenario. Thus, a FFw,w of 10 -2 (day) is used. In such way, the CFw results in 0.28 PAF day m 3 kg −1 .
Discussion
The Effect Factor for nano-TiO2
A large variation of the EC50 values for nano-TiO2 is observable and reported in (Li et al., 2014; Seitz et al., 2013; Dabrunz et al., 2011; Gottschalk et al., 2013) as: the crystalline structure of nano-TiO2, the treatments of the sample to test (i.e. filtered or unfiltered, use of solvent), the com-bination of different materials with varying testing condition, the expo-sure time and the exposure under UV radiation. And more, aquatic toxicology of nano-TiO2 is challenged by methodological difficulties arising from highly dynamic and poorly understood behaviour of ENPs in biological test systems (Hartmann et al., 2013) . One target of application of nano-TiO2 is photochemical degradation of contaminants and photo-killing of microbes due to its strong photoreactivity. Generally, the phototoxicity of nano-TiO2 is mainly assessed for antimicrobial applications, where higher organisms are not included (Ma et al., 2012) . To date only few phototoxicity studies on freshwater organisms have been carried out. Indeed, the ecotoxicity studies are mainly performed in lab conditions and in absence of UV exposure (Li et al., 2014) . Even if the influence of these factors to the toxicity test results are reported and discussed in literature (Zhu et al., 2009; Dabrunz et al., 2011; Seitz et al., 2013 Seitz et al., , 2014 Li et al., 2014) , a systematic assessment of their im-portance is still missing. This leads to a difficult comparison of the toxic-ity values among the studies and a scarce understanding of the magnitude of the influence of different factors on the toxicity results.
As mentioned in Section 2.3, the set of criteria proposed to select the EC50 values aims to increase the reliability of the ecotoxicity dataset and, consequently, of the EF estimated. Applying these criteria the number of the available toxicity values decreases from 47 to 30 but the variation of the EC50 values reduces significantly increasing the comparability of the results. In any case, it is important to highlight that some studies are fil-tered out and this may results in negligence of some effects that are not exerted in standard test.
The two different HC50EC50chronic values obtained adopting GM species-level (12.8 mg L−1) and GM trophic-level (17.8 mg L− 1) approach confirm that the choice of the averaging approach is a relevant issue as to the evaluation of the CF. A study by Larsen and Hauschild (2007b) indicates that unequal representation of EC50 values from different taxonomy groups at three trophic levels may introduce a bias in the estimation of the effect factor when applying the GM-species level approach. This is the case in our study. Indeed, the unequal distribution of the EC50values among the trophic levels (two EC50 values for fish, 17 and 11 EC50 values for crustaceans and algae, respectively) will put more weight on the trophic levels with many measured values. For this reason in this study, an approach based on GM-trophic level is adopted for the calculation of the EF and a value of 28.1 PAF m3 kg −1 is proposed.
The test to examine the importance of applying criteria for dataset definition carried out omitting some criteria leaded to EFs very similar (30.1 vs 27.7 PAF m3 kg−1). That is mainly because only in one of the three trophic levels (crustaceans) there is a strong increase, in term of number of toxicity values collected.
That is mainly because only in one of the three trophic levels (crustaceans) there is a strong increase, in term of number of toxicity values collected More, the addiction of the photoxicity studies slightly increases the toxicity on nano-TiO2.It is remarkable that the main contribute to this increasing, is the addition of toxicity values reported by Ma et al., 2012 . Here, the EF is affected by an slight increase because the inclusion of the toxic values higher than the highest concentration tested clearly overlaps the lower toxic values reported within the photoxicity tests. However, the choice of the averaging approach to calculate the EF is confirmed to be significant both when applying the selection criteria and without. Indeed, without the application of the criteria, the EF calculated on the basis of GM-species approach is 31.7 PAF m 3 kg -1 whereas with a GM-trophic one the EF is 32.1 PAF m 3 kg -1 . On the other hand, when applying the selection criteria the EF ranges from39.1 (GM-species) to 28.1 (GM-trophic) PAF m 3 kg -1 . Thus, the EF based GM-trophic level remains more stable.
The Exposure Factor for nano-TiO2
The procedure of calculation of XF proposed by USEtox is not applicable due to type of chemical investigated here. This is mainly due to the portioning approach which is not valid for ENPs. Moreover, ENPs such as nano-TiO2, which are generally insoluble, will not dissolve. Aggregation and sedimentation processes govern the behaviour of poorly soluble ENPs. The aggregation process promotes the sedimentation of the particles and decreases the surface area of the ENPs. Therefore the aggregation might reduce the bioavailability of ENPs along the water column to freshwater organism and decrease toxic responses mediated by the surface area (e.g. ROS generation and dissolution of free ions). On the other hand, it increases the persistence of the ENPs, decreasing the rate of dissolution or degradation (Hotze et al., 2010) . Under environ-mental conditions a multimodal size distribution of ENPs is expected and organisms may be exposed to different size ranges of aggregates (Keller et al., 2010; Lin et al., 2010; Sillanpää et al., 2011; Praetorius et al., 2012) . Where, the smallest particles in the size distribution of nano-TiO2 may easily penetrate inside the organism and thus promote accumulation in tissues. Few studies have been focused on bioaccumulation and bioavailability of ENPs (Dalai et al., 2013) . Therefore, the bioavailability and bioaccumulation of aquatic organism are still under debate. And, on our knowledge, no bioaccumulation and bioavailability y factor that could describe and replaced the XF have been proposed in literature. For all these reasons, a precautionary approach of setting XF equal to 1 has been adopted which does not weight the final results of the model based on the exposure of the organism to the TiO2 ENPs.
The Fate Factor for nano-TiO2
The resulting FFs show a low persistence of the particle in the freshwater column independently by size, attachment efficiency and SPM concentration: the model predicts a very fast removal of nano-TiO2 from the freshwater column. For example, as far as concern size, Table 2 shows that in the Scenario 1 FFw,w,i range from 5.9 · 10−1 day (for radius equal to 8 nm) to 1.1 · 10− 3 day (for radius equal to 400 nm).
The attachment efficiency shows a similar behaviour, as it is possible to observe comparing Scenario 1 (CSPM = 3.70 · 1010 m− 3,α = 1) and Scenario 2 (CSPM = 3.70 · 1010 m− 3, α = 0.001) in Table 3 .
In Scenario 1, FFw,w results in 5.3 · 10− 2while in Scenario 2, FFw,w results in 7.7 · 10−2: the values are very similar even if the attachment efficiencies are different by three order of magnitude. Finally, we can appreciate the influence of SPM comparing, for example, Scenario 1 versus Scenario 3 which differ in the SPM concentration (see Table   3 ). In Scenario 1 (CSPM = 3.70·10 10 m −3 ), FFw,w results in 5.3·10 −2 while in Scenario 3 (CSPM = 1.10 ·10 11 m−3), FFw,w results in 3.2·10 −2 also in this case, although the SPM concentration differ by one order of magnitude, the FFs are very close. In any case, even if the differences in FFs are small, the speed of removal of the nano-TiO2 from freshwater column is positively related to size, attachment efficiency and SPM con-centration in water.
The model has indirectly provided information on sediment compartment; the extent of transfer from freshwater to sediment has been calculated as net result of competition between the removal mechanisms from freshwater: aggregation, sedimentation, leaching to deeper layers. From Table 2 , for example, it is possible to appreciate that FFsed,w,i and FFsed,sed,i are several orders of magnitude higher than FFw,w,i and FFw,sed,i, indicating that the sediment compartments act as a sink and may be greatly affected by the sedimentation of ENPs such as nano-TiO2. The sedimentation of nano-TiO2 poses a risk to benthonic organ-isms but the toxicity of nano-TiO2 to benthonic organisms it is not been included in this study.
Indeed, to date the sediment compartment is not considered in USEtox™. However, the sediment compartment seems to be strongly affected and, in the opinion of the authors, further research should be carried out to include the impact on the sediment compartment in USEtox™.
Finally, the application of the colloidal science to study the fate of nano-TiO2 and the attention paid to ENPs propensity to form aggregates have allowed the calculation of FFs dependent on the size distribution of the aggregated nano-TiO2 in freshwater ecosystems. This approach aims to be environmentally realistic (Praetorius et al., 2012) and is innovative in an LCIA scenario. Indeed, i) the fate factor may be expressed as dependent on a size class of ENPs; if the effect factor depending on the size of particles is also known, then the exposure scenario may be correctly assessed, ii) the framework allows to apply a size distribution of ENPs or SPM for site-dependent conditions. However, concerning the calculation of the fate factor several points have to be taken into consideration:
i) abiotic degradation processes are not taken into account in this method; ii) the landscape data (depth of sediment, volume of water, height of water column) are extrapolated from the USEtox™ and have been esti-mated as average on a continental scale and iii) the average size distribution of nano-TiO 2 has been refereed for Rhine river (Praetorius et al., 2012) . This may be leading to a bias in the evaluation of the fate factor and to scarce relevance of the estimated FF respect to different environ-mental conditions. Since that, the bioavailability of ENPs and the mechanism of toxicity (e.g. size dependent toxicity or surface area dependent toxicity) are still under debate and the aquatic organisms in freshwater ecosystem are exposed to different size range of aggregates a FFw,w based on the weighted average of the FFw,w,i of all the size classes is proposed.
Characterisation Factor for nano-TiO2
The Usetox provides CFs for organic
The USEtox™ provides CFs for organic substance whereas emerging substance as ENPs are still not included in the chemical database for which CF can be calculated. Eckelman et al., 2012 applied the USEtox™ to calculate the CF for CNT for the impact category of freshwater ecotoxicty. The authors investigated the FF factor for CNT without considering the mportant colloidal mechanism as aggregation and sedimentation. The FF for CNT was calculated following the approach of the USEtox™ based on the portioning of the substance. However, as declared by the author, a more detailed kinetic model would improve the applicability of the model.
In our study the framework of the USEtox™ has been adopted. But several aspects have been implemented, in order to account nanospecific aspect, as the application of the colloidal science and of kinetic equtions to describe the environmental fate processes of ENPs in fresh-water. More, a size distribution of nano-TiO2 aggregates in freshwater is considered and for four scenarios are applied. Thus, a CFw for a specific size class of nano-TiO2 may be calculable. For example, considering the size class of nano-TiO2 with the smallest radius (8 nm, α = 1, CSPM = 3.70 10 10 m −3 , ρ = 2.0 g/cm 3 ) a FFw,w,i of 10 −1 day is calculated and hence, CFw of 2.8 PAF day m 3 kg − 1 is obtained. And more, considering scenario 4 (α = 0.001, particle concentration of SPM 1.10·10 11 m −3 ρ = 2.0 g/cm 3 and a radius of 8 nm a FFw,w,i of 1.15 day is calculated (Table S .8) and a CFw of 32.1 PAF day m3 kg−1 is obtained.
Conclusions and Outlook
The understanding of the underlying mechanisms relating to the potentially adverse effects of ENPs on aquatic organisms is a prerequisite for determining appropriate hazard assessment strategies.
Unfortunately, this understanding is hampered by lack of knowledge concerning behaviour in the environment, parameters determining bioavailability, mechanisms of toxicity, and dependency of size (e.g. aggregates or small particles or their mixture). These challenges carry over to the assessment of freshwater ecotoxic impacts of ENPs, in the field of LCA. One specific challenge is that the CFs for toxicity associated with release of ENPs as nano-TiO2 into the environment have not yet been properly calculated in LCIA methods and LCA studies are unable to assess the ecotoxic impact related to emission of ENPs in the environment. The aim of this study was to calculate the CF of nano-TiO2 for freshwater ecotoxicity.
The main conclusions of the study are highlighted hereunder.
i)The conceptual framework adopted by the LCIA characterisation USEtox™ for the evaluation of the fate and effect factors can be applied for this new class of contaminants.
ii)The literature survey on aquatic ecotoxicology showed a high variability of the toxic data for nano-TiO2, which may lead to a scarce robustness of the EF. This study proposes a set of criteria to select the EC50 values of ENPs as nano-TiO2in order to increase the reliability of the ecotoxicity dataset and, consequently, of the EF estimated.
iii)The HC50EC50chronic values obtained adopting GM species-level and GM trophic-level approach confirms the choice of the averaging approach as a relevant issue to the calculation of the EF. Here an approach based on GM-trophic level is adopted in order to put equal weight on the three trophic levels which can differ in the number of data available. iv)Conservatively, due to the lack of knowledge on bioavailability of poor soluble ENPs as nano-TiO2, the exposure factor has been assumed to be equal to 1; thus all nano-TiO2 dispersed in fresh-water is assumed bioavailable.
v)On the basis on the well-established multimedia box model, the colloidal nature of nano-TiO2 has been taken into account to calculate the FF. Thus, specific nano-fate processeswere considered. An environmental realistic approach has been followed considering that the nano-TiO2 are dispersed in freshwater following a size class distribution, and hence, the aquatic organisms are exposed to a size distribution of aggregates.
vi) A CFw of 0.28 PAF day m3 kg−1 for the impact category of freshwater ecotoxicity for nano-TiO2 is proposed.
The prediction of environmental fate of ENPs is best described when site-specific local conditions are considered. The study of Praetorius et al., 2012 showed how the properties of SPM, such as the density, may influence the fate and transport of nano-TiO2 in freshwater (Rhine River). Therefore, further investigations are needed in which also size distribution of SPM and site-specific conditions should be included into the FF calculation. More efforts towards the introduction of spatial differentiation in regional/local impact categories such as ecotoxicity are relevant too (Zamagni et al., 2008) . In ordinary LCA the location of the processes which release toxicants to the environment is usually not precisely known and, therefore, site-specific models can-not easily be used. Most often large average landscape data and environ-ment conditions are assumed. To date, the site-independent approach seems a limitation of the assessment the potential toxic impact of ENPs in LCA. In fact kinetic modelling is conceptually difficult for global or continental model, as colloidal behaviour is strongly depended on the local condition.
Furthermore, the emission of a toxicant listed in a life-cycle inventory is regarded as a single pulse without time duration and, therefore, time and space are integrated in the assessment posing further restrictions to the modelling. This is in contrast with the envi-ronmental behaviour of the ENPs for which the environmental fate and behaviour (stability and persistence) have been observed as concentrationdependent. In addition, over time, the physical form and intrinsic properties of ENPs (e.g. size distribution of aggregates, sur-face charge) may be subject to transformations, therefore leading to a different bioavailability and route of exposure.
